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ABSTRACT 
 Ecotoxicological studies that focus on a single endpoint might not accurately 
represent the true ecological effects of a contaminant.  Exposure to atrazine, a widely-
used herbicide, disrupts endocrine function and sexual development in amphibians, but 
studies involving reptilian species are lacking.  This study examines several effects of 
atrazine ingestion on gravid females and neonates exposed in utero of the Northern 
Watersnake (Nerodia sipedon).  Twenty-five gravid N. sipedon were collected and kept 
in the lab for the entirety of their gestation period.  Each snake received one of four doses 
of atrazine:  control, 2, 20, or 200 ppb.  Blood samples were drawn each week to quantify 
the estradiol levels, and female survival was monitored throughout the study.  Following 
birth, the neonate morphometrics, sex ratio, and percent stillborn were recorded.  Data 
analyses showed that atrazine ingestion potentially disrupts estradiol production in 
females, inhibits the immune response, alters sex ratio, and causes a higher proportion of 
stillborn neonates.  Findings such as these emphasize the need for additional research 
involving other reptile species and multiple endpoints in order to determine the full range 
of ecological impacts that are manifested by contaminant exposure.  
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INTRODUCTION 
 
“No witchcraft, no enemy action had silenced the rebirth of new life in this stricken 
world. The people had done it themselves.”  Rachel Carson, 1962 
 
The use of anthropogenic chemicals for controlling pest species became 
widespread in the middle of the 20th century.  Soon after this boom, negative effects in 
non-target species became apparent.  The first organisms that were studied in detail 
included piscivorous birds such as eagles and osprey (Ames 1966; Stickel et al. 1973).  
Researchers examining the causes of population declines in these birds and found that 
chemicals such as dichlorodiphenyltrichloro-ethane (DDT) were weakening the integrity 
of eggshells and causing mortality of the embryos due to shell breakage (Coon et al. 
1970; Ratcliffe 1970).  Rachel Carson’s now-famous book, Silent Spring, brought the 
harmful effects of DDT and other chemicals to light in 1962 and the field of 
ecotoxicology emerged.	  
While DDT was banned in the US in 1974, the number of anthropogenic 
chemicals used has grown worldwide and, with little or no regulation, continues to cause 
public health concerns (Grier 1982; Pimentel et al. 1992; Landrigan et al. 1999).  These 
chemicals are used for everything from biological control to the manufacture of plastics 
and paper products.  With so much development, the governmental agencies created to 
oversee the potential impact of these chemicals have become overwhelmed, and acute 
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versus chronic effects are the focus of laboratory studies that are used to justify the safety 
of such chemicals (Kavlock et al. 1996). 
Many contaminants are now being recognized as endocrine disruptors, defined as 
compounds that influence the development and/or functioning of an organism through 
chemical mimicry or interference.  Such compounds, often organic, reduce long-term 
fitness by negatively impacting behavior, survival, and reproductive physiology (Daston 
et al. 2003; Hayes 2005), but are often difficult to detect using standard toxicological 
assays.  These effects can be detected in an individual, its progeny, or the population as a 
whole (Bigsby et al. 1999, Colborn and Thayer 2000, Crews et al. 2000) 
Endocrine Disruption Chemicals 
In the traditional toxicological model, the threshold value for a given chemical is 
based on the assumption that increasing the dose produces an increased response.  This 
relationship is typically linear and is used to determine LD50, or the concentration at 
which 50% of the exposed population dies.  This model can also be used to determine 
other endpoints based on a variety of acceptable parameters (e.g., what concentration 
causes headaches versus that which causes death; Newman and Unger 2003).  The U.S. 
Environmental Protection Agency (USEPA) has used this model to regulate chemicals 
such as benzene, arsenic and cadmium that are toxic to humans (Travis and Hattemer-
Frey 1988). 
As the ability to measure smaller concentrations of chemicals developed, a 
different pattern emerged indicating that accepted limits of the traditional dose-response 
model might not accurately reflect exposure risk (Kavlock et al. 1996).  This new pattern 
is characterized by an inverted U, or nonmonotonic, shape. There is a high response at 
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low concentrations with a rapid decrease in response at intermediate concentrations.  The 
response increases again at higher concentrations (Fig. 1; Bigsby et al. 1999; Calabrese 
2001; Newman and Unger 2003).  Endocrine disruptors negatively impact the organism 
in a holistic manner, and are generally not well understood. The balance that the 
endocrine system maintains within an animal’s body, using a series of feedback systems, 
explains this phenomenon.  Studies conducted on endocrine disruptors that display this 
pattern are sometimes disregarded as anomalous data because of the difficulty in fitting 
the traditional dose-response model (Crews et al. 2000; Du Preez et al. 2008).  While the 
EPA examined the possibility of screening chemicals for this nonmonotonic response 
curve, the idea was rejected in 2002.  Moreover, chemicals regulated by the Toxic 
Substances Control Act (approximately 70,000) are not subject to low-dose testing 
(Daston et al. 2003). 
Low-dose effects occur through biological processes (Calabrese 2001).  The study 
of this phenomenon is termed “hormeosis,” or “the ability to stimulate biological 
processes by low levels of toxic agents” (Stebbing 2003, pg. 463).  Many researchers 
argue that these agents are not the direct cause of these responses, rather that the elicited 
response is the organism’s physiological attempt to neutralize the unknown substance 
(Stebbing 2003).	  
The mechanisms behind endocrine disrupting chemicals are still being elucidated.  
This task has been difficult given the wide variety of chemicals and possibilities of action 
on different endocrine organs and systems.  Research has shown negative effects in 
hormone-mediated processes from thyroid hormone control to protein synthesis to 
pituitary functioning (Cooper et al. 2000; Colborn 2002; McCarthy and Fuiman 2008).  	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One of the examined mechanisms in the reproductive system is the action of 
compounds that interfere with normal sex steroid functions and/or rates of synthesis.  
Many of these compounds act on the estrogen or androgen receptors in the cells of 
organisms, which cause an imbalance in the amount of sex steroid produced.  The effects 
of these compounds are most pronounced during critical developmental periods in an 
animal’s life when sex steroids control organogenesis and cell differentiation (vom Saal 
et al. 1997).	  
Masculinization occurs throughout the developmental period and relies 
completely on hormonal influences.  Because traits associated with maleness are 
activated by hormones (in humans), genetic males are considered more susceptible to 
endocrine disruption than genetic females (Sharpe 2006).  The disruption of this process 
can be subtle and not detected until sexual maturity.  Although the cause is not known to 
be natural or anthropogenic, there is an emerging trend of male disorders associated with 
endocrine disruption in humans (Toppari et al. 1996).  While data on humans are difficult 
to analyze because of confounding variables, studies have shown that decreasing sperm 
counts due to a decrease in the formation of Sertoli cells, testis cancer, cryptorchidism 
(failure of testes to descend), and hypospadias (urethra on underside of penis) are 
becoming more prevalent (Sharpe and Skakkebaek 2003).	  
Because deformities of the primary sex characteristics can be influenced by 
multiple factors (genetic, maternal environment and behavior, and environmental) it is 
difficult to parse out the effects of each factor (Fig. 2; Sanderson 2006; Sharpe 2006).  
These factors influence the development of the testes, which are the major producers of 
testosterone.  If the testes are malformed, altered testosterone levels will further cause 
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reproductive deformities.  This can cause many problems because the estrogen/androgen 
balance is extremely delicate and the fluctuations in it can cause reproductive 
malformations (Rivas et al. 2002).  Contaminants might also mimic estrogens, bind to 
estrogen receptors, alter receptors, and/or change functioning of other hormonal 
processes (Danzo 1997; Tabb and Blumberg 2006).  For example, androgen functioning 
and androgen receptors may also be suppressed by high levels of estrogens or estrogenic-
like compounds (Haavisto et al. 2001; Williams et al. 2001). 	  
There are a number of examples of endocrine disruption in organisms that have 
been used as models for further research in this field, especially related to an alteration of 
male sexual characteristics. These examples include the feminization of California Gulls 
by DDT (Fry and Toone 1981), the demasculization of Florida panthers (Facemire et al. 
1995), and the decreasing of sex steroids and male sexual characteristics in white suckers 
after exposure to pulp mill discharge (Munkittrick et al. 1994).   
The physiological process of regulating estradiol and its effects is frequently 
examined in studies of endocrine disruption.  There are numerous hormones that have 
been examined in only a handful of studies, however, and have critical functions in the 
development or maintenance of an organism (Propper 2005).  Many additional measures 
of potential endocrine disruption that are not direct measurements of hormones can 
include measuring stress protein response (Snyder and Mulder 2001), protein synthesis 
and metabolism (McCarthy and Fuiman 2008), lipid synthesis and metabolism (Heindel 
2003), neural functioning (Rodriguez et al. 2005), DNA methylation (Tabb and Blumberg 
2006), behavior (Gioiosa et al. 2007), and changes in nuclear (Danzo 1997) and hormonal 
receptors (Crews et al. 2000). 
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Endocrine Disruption and Immunotoxicity 
Within the framework of the endocrine disrupting model, mortality for an 
individual can still be assessed.  Mortality from contaminants may not only be due to the 
toxicity at high doses, but can be linked to a suppressed immune response.  Very few 
contaminants were screened specifically for this parameter until 2000, when the USEPA 
mandated that new products must undergo testing for potential alterations to an 
organism’s immune function (Vos and Moore 1977; Ahmed 2000; Pruett et al. 2003).   
Some research has been done on chemicals to evaluate their effect on the immune 
response and this work has revealed that a wide variety of contaminants, from lead to 
organochlorine insecticides, negatively affect the immune system (Wassermann et al. 
1969; Koller and Kovacic 1974).  One example that illustrates this approach is the focus 
on the spread of the chytrid fungus (Batrachochytrium dendrobatidis) in amphibian 
populations.  Recent research on this system has examined the role that contaminants 
may have in an immunosuppression response that makes amphibians more susceptible to 
the deadly fungus (Christin et al. 2004; Davidson et al. 2007).   
Some toxicants have been shown to lower an animal’s immune response in a 
variety of ways.  A major component of immunosuppression is the increase in 
adrenocortical hormones.  Produced in the adrenal glands, these hormones are released in 
response to stress.  While short bursts of these hormones are necessary to mobilize 
energy reserves to cope with an immediate stressor (e.g., escaping a predator), long-term 
exposure can have a variety of negative impacts, such as damaging and depleting the 
cells of the major centers of the immune response—the thymus, spleen, and lymph nodes 
(Morse et al. 1975).  While this measure can aid in understanding the effects at an 
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individual level, studying the reproductive functions of organisms exposed to 
contaminants might be more important for understanding the effects at a population level 
(Barlow et al. 1999).  	  
Atrazine 
Since being registered commercially in the United States in 1959, atrazine, an 
organic triazine compound (2-chloro-4-ethylamino-6-isopropyl-amino-s-triazine), has 
been utilized as a pre-emergent herbicide in corn, sorghum, and sugar cane fields.  It is 
dispersed aqueously to control broadleaf plants.  The majority of atrazine is applied to 
fields planted with corn, one of the predominant crops of the Midwest (Solomon et al. 
1996; Solomon et al. 2008).  Atrazine’s mechanism of action is to inhibit photosynthesis 
by blocking the electron transport chain of photosystem II.  This prevents the conversion 
of solar energy (photons) to electrical energy within the chloroplast (Fuerst and Norman 
1991).   
Although atrazine is applied directly to the fields, high levels are found in water 
bodies, rain and snowpacks, even in areas hundreds of kilometers from application sites 
(Hatfield et al. 1996; Mast et al. 2007).  It is one of the most commonly found 
anthropogenic chemicals in the atmosphere over Canada with peak concentrations in the 
Spring and Summer (Brun et al. 2008).  The amount of atrazine applied in Canada is less 
than 1% of that applied in the United States (229 tonnes to 318,000 tonnes) – thus, the 
amount of atrazine in the atmosphere above the US is likely to be much higher (Brun et 
al. 2008; USEPA 2009). 
Atrazine is persistent in the environment due to its physical properties.  Because 
its structure is an s-triazine ring, it is resistant to microbial degradation, although research 
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has focused on the potential of cultivating microbial enzymes to degrade atrazine 
(Komang et al. 2002).  Sunlight, aerobic conditions and decreasing pH induce chemical 
degradation of atrazine’s structure both independently and, to a greater extent, 
synergistically (Solomon et al. 1996).  Because of the complicated interactions of these 
three factors, it is difficult to accurately determine atrazine’s half-life in the environment.  
Studies have shown variation in half-life from 1 day to 244 days, depending upon 
conditions (Solomon et al. 1996).  Some estimates place degradation rates in more neutral 
and basic rivers, such as those found in the Midwest (Kalkhoff et al. 2000), at several 
months (Comber 1999).  Lotic environments are the likely sites of chronic exposure to 
non-target organisms because of these properties (Solomon et al. 1996). 
Although the mechanism of degradation is similar to that occurring in aqueous 
media, the degradation rate of atrazine is typically slower in soil environments.  
Atrazine’s degradation rate decreases in deeper soils (≥120 cm) due to atrazine’s leach 
potential (Kruger et al. 1993). Soils with greater structure (such as highly organic soils) 
decrease the degradation rate while looser soils (less sand content) facilitate the rapid 
movement of atrazine from one area to another (Graymore et al. 2001). 
Atrazine does not readily bioconcentrate or bioaccumulate due to its low Kow, 
which is calculated by taking the ratio of the concentration of the chemical in water and 
the concentration of the chemical in octanol (which represents organic matter) at a 
constant temperature.  A low Kow indicates high water solubility and typically a low 
bioconcentration factor for organisms (Newman and Unger 2003).   Atrazine is water 
soluble (Solomon et al. 1996) but may also be able to accumulate to some extent in 
tissues with a high lipid concentration (Du Preez and Van Vuren 1992).  Uptake of 
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atrazine to a steady state in zebra fish happens quickly.  After 24 h, 30% of the steady 
state concentration remained in the fish adults and in juveniles, and only 4% of atrazine 
had been transformed to metabolites after 24 h (Görge and Nagel 1990).  Atrazine 
toxicokinetics performed on amphibian larvae showed that individuals both absorbed and 
excreted atrazine quickly (Edginton and Rouleau 2005).   
The metabolites of atrazine, desethylatrazine (DEA), desisopropylatrazine (DIA), 
diaminochlorotriazine (DACT), hydroxyatrazine (HA), desethylhydroxyatrazine 
(DEHA), and desisopropylhydroxyatrazine (DIHA), however, can persist in body tissues 
for longer periods of time (Solomon et al. 2008).  Not only do these products form and 
degrade at different rates (Winkelmann and Klaine 1991), the mechanisms of action as 
well as the effects of most of these metabolites are poorly understood.   
Atrazine as an Endocrine Disruptor 
Little debate remains that exposure to high concentrations of atrazine produces 
disruption of endocrine function (Cooper et al. 2000; Solomon et al. 2008).  The 
endocrine disrupting properties resulting from low level exposure to atrazine (following 
the traditional endocrine disrupting model), however, have become the center of debate 
among the scientific community (Hayes 2004; Solomon et al. 2008). To address this, the 
USEPA initiated a review in 1994 by The Institute of Wildlife and Environmental 
Toxicology at Clemson University of atrazine’s impact on human health and ecosystems.  
During this review, the USEPA set the maximum contaminant level for atrazine at 3 ppb.  
These levels are often found in public drinking water sources (Biradar and Rayburn 1995; 
Chapman and Stranger 1995).  A similar review by the European Union resulted in the 
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banning of atrazine in 2004 because of the mounting evidence of atrazine’s impact on the 
endocrine system (Sass and Colangelo 2006).   
One effect resulting from atrazine exposure, well-studied in several taxa, is the 
sex ratio in neonate animals exposed during development.  Because of their prolonged 
exposure to aquatic contaminants, fish and amphibians have been used frequently to 
study the impacts of atrazine on sex ratio and the morphology of the reproductive system.  
For example, male frogs (Lithobates sp.) exposed to low levels of atrazine display 
testicular dysgenesis, hermaphroditism (including the presence of oocytes within testes), 
and sex reversal (Hayes et al. 2002a, 2003, 2010).  Secondary sex characteristics, such as 
larynx size in male frogs, are also negatively affected by atrazine exposure at low doses 
(Hayes et al. 2010).  Many studies have shown deviations from the expected 50:50 sex 
ratio (often becoming female-biased) in amphibians exposed to low levels of atrazine 
(e.g., Langlois et al. 2009). 
Other studies, involving mammals, crocodiles, and turtles, have not shown that 
sex ratio is affected by exposure to atrazine during development.  While several 
researchers have reported a negligible impact (Gammon et al. 2005; Neuman-Lee and 
Janzen 2010), at least one (Willingham 2005) showed that turtles with temperature-
dependent sex determination produced a female-biased sex ratio most likely caused by an 
interaction between temperature and atrazine.  
 The feminizing properties associated with atrazine exposure in some taxa have 
prompted more recent research examining the hormonal interactions affected by the 
pesticide.  One proposed action impacted by atrazine is the induction of aromatase, an 
enzyme that naturally converts testosterone and dehydroepiandrosterone (DHEA) to 
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estradiol (Fig. 3; Matsushita et al. 2006; Sanderson 2006).  While atrazine itself has a low 
affinity for androgen and estrogen receptors, it shows affinity to the steroidogenenic 
factor I (SF-I) which induces the production of aromatase (Fan et al. 2007a, 2007b).  
However, not all research has shown aromatase production to be influenced by atrazine 
(e.g., Hecker et al. 2005). 
 Another negative impact of atrazine exposure is the reduction of ligand-binding to 
androgen receptors (Danzo 1997).  Estrogen-receptor mRNA in brain cells has also 
shown to be increased by atrazine exposure (Langlois et al. 2009).  Either an increase in 
aromatase concentration or a reduction in binding to androgen receptors will 
simultaneously reduce plasma testosterone and increase female sex hormones, such as 
vitellogenin and estradiol (Spanò et al. 2004).  These alterations in hormone 
concentration are most severe at low doses of atrazine (Spanò et al. 2004; Coady et al. 
2005; Hayes et al. 2010). 
A suppression of luteinizing hormone (LH) has also been linked to atrazine 
exposure.  LH serves in the negative feedback loop to inhibit estrogen production (Fig. 4) 
but also participates in a positive feedback loop prior to ovulation.  LH spikes are 
required for ovulation (Hadley and Levine 2003).  In several studies, rats dosed with 
atrazine have suppressed LH.  The consequence of this suppression is a reduction in 
successful implantation of eggs (Cummings et al. 2000).  This suppression is not due to 
the binding on the estrogen receptors (McMullin et al. 2004).  Rather, the cause may lie 
in the hypothalamic center, which has implications for many other hormones due to the 
extensive control that hormones from the hypothalamus have on the production and 
secretion of other hormones (Cooper et al. 2000).   
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Besides the evidence of disruption to the sex steroid pathways, atrazine has been 
linked to decreased long-term survival.  Atrazine may act as an immunotoxicant by 
increasing corticosterone levels and decreasing thymus cells (Pruett et al. 2003).   Few 
studies have examined atrazine’s impact on survival and/or immunotoxicology for longer 
than one week, or in a range of ecological settings (Solomon et al. 2008).   However, 
studies on amphibians have linked low levels of atrazine exposure with reduced survival 
(Storrs and Kiesecker 2004; Rohr et al. 2006).  This trend is, again, contradictory to the 
dose-response toxicology model but is supported by the endocrine disruption toxicology 
model (Stebbing 2003).   
Hormone Control in Embryonic Development 
Estradiol and testosterone are the primary hormones involved in sex 
differentiation.  The “default setting” for sexual development is female and testosterone 
secretion is required in order for an organism to develop male sexual characteristics.  
Although an animal’s gender might be determined by different mechanisms (genetic sex-
determination and temperature sex-determination), testosterone is required to control the 
development of male physical characteristics and behavior (Hadley and Levine 2003).   
Testosterone and DHEA are produced in the adrenal cortex, the Leydig cells of 
the testes, the prostate gland, thecal cells of the ovaries, and the placenta.  Its production 
relies on enzymes in the adrenal cortex that transform cholesterol into pregnenolone and 
progesterone to 17α-hydroxypregnenolone in the mineralcorticoid pathway, and to 17α-
hydoxyprogesterone in the glucocorticoid pathway.  Once entering the androgen 
pathway, these two steroids are converted to DHEA and androstenedione which are 
converted to testosterone.  Any inaccuracy in these steps can interfere with the production 
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of testosterone (Hadley and Levine 2003).  Testosterone’s primary function in 
development is to form the Wolffian Ducts, which will develop into the epididymis, 
seminal vesicles, and vas deferens, and to be converted by 5-α-reductase into 
dihydrotestosterone, which regulates the development of the penis, scrotum, and prostate 
glands (Hadley and Levine 2003). 
Because it is a steroid produced by the conversion of testosterone and/or DHEA, 
estradiol has been the focus of many studies.   Estradiol production is regulated by a 
negative feedback loop involving the hypothalamus, anterior pituitary gland, adrenal 
cortex, and target organs (e.g., ovaries; Fig. 4).  With rising levels of estradiol, the 
hypothalamus’ production of gonadotropin-releasing hormones (GnRH) is suppressed.  
The suppression of the GnRH, as well as the direct suppression of increasing levels of 
estradiol, causes a decrease in the anterior pituitary’s production of LH and follicle-
stimulating hormone (Bronson 1981). 
Sex Hormones and Ecotoxicology in Reptiles 
Research concerning the sex hormones of reptiles has focused on a relatively 
small number of species (Moore and Lindzey 1992; Whittier and Tokarz 1992) which 
makes applying any generalizations of endocrine disruption to reptiles difficult.  Part of 
this challenge stems from the pattern of dissociated reproduction that is often practiced 
by reptiles – this occurs when the gonadal activity peaks at a different time than sexual 
activity (e.g., Whittier et al. 1987).  Male hormonal fluctuations in N. sipedon appear to 
follow a typical associated reproductive strategy, with testosterone peaking in the early 
spring during reproduction and in the fall during spermatogenesis (Weil and Aldridge 
1981). 
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Although reptiles are under-represented in ecotoxicological literature, they are 
ideal model organisms (Hopkins 2000) because they:  1. exhibit high site fidelity; 2. are 
long-lived; 3. have well-defined behaviors; 4. are relatively easy to maintain in captivity; 
and, 5. are primarily carnivorous.  The most commonly used reptiles for research 
involving organic contaminants are the Common Snapping Turtle (Chelydra serpentina) 
and the American Alligator (Alligator mississippiensis; Guillette et al. 1994, De Solla and 
Fernie 2004).  Ecotoxicological research involving squamates (snakes and lizards) has 
remained particularly sparse, although the Banded Watersnake (Nerodia fasciata) has 
been the subject of several studies involving exposure to heavy metals (Ohlendorf et al. 
1988; Hopkins et al. 1999; Murray et al. 2010). 
One well-known study involving reptiles and endocrine disruptors is research 
conducted at Lake Apopka in Florida.  This location is home to many American 
Alligators (Alligator mississippiensis) and was also the site of a major DDT spill in 1980. 
This research revealed a drastic decrease in penis size between the exposed male 
alligators and alligators from a control site.  Additionally, lower androgen levels were 
found in the contaminated alligators, which is a potential explanation for the decreased 
phallus size (Guillette et al. 1996).  Not only did the testosterone levels decrease, but the 
estrogen levels increased up to two times of the levels observed in alligators compared to 
the control site (Guillette et al. 1994).  This work has highlighted extreme effects of 
endocrine disruption in reptiles. 
The Snapping Turtle (Chelydra serpentina) has also been a model organism for 
examining endocrine disruption.  In one study, sexual dimorphism was affected by 
endocrine disruptors (organochlorines), but the sex hormones seemed to be unaffected 
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(De Solla et al. 1998).  However, atrazine may have an impact on male development (De 
Solla et al. 2006).  Snapping turtle eggs have been used to quantify the amount of 
contamination that occurs within the egg.  This technique has provided invaluable 
information that has increased our understanding of the impact of contaminants on 
oviparous development (De Solla et al. 2001; De Solla and Fernie 2004). 
Natural history of the Northern Watersnake 
The Northern Watersnake (Nerodia sipedon) is an ideal model organism for 
ecotoxicological studies given its life history (Hopkins 2000).  Additionally, they are 
found throughout much of the Midwest in abundant numbers (Conant and Collins 1991).  
Population studies have shown that individuals of this species remain in the same area all 
year (King 1987), and repeatedly utilize particular microhabitats (Olds 2007).  
Nerodia sipedon is a viviparous reptile that typically reproduces every year.  
However, up to a third of mature females will abstain from mating each year 
(Weatherhead et al. 1995).  The species exhibits sexual size dimorphism with female 
snakes being larger than similarly-aged males after their second year (Brown and 
Weatherhead 1999).  Sexual maturity is attained at three years for males and three to four 
years for females (Weatherhead et al. 1995; Brown and Weatherhead 1999).  Clutch size 
has been reported to be between 4 and 99, and larger females tend to produce female-
biased neonates in both captive and wild environments, although the overall sex ratio of a 
population is maintained at approximately 1:1 (Weatherhead et al. 1995). 
Nerodia sipedon has been the subject of many behavioral and ecological studies 
that include topics such as site fidelity (Fraker 1970), reproductive behavior (Mushinsky 
1979; Weatherhead et al. 1995), thermoregulation (Brown and Weatherhead 2000), 
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responses to chemical cues (Scudder et al. 1980), and even the effects of pedestrians on 
basking behavior (Burger 2001).   
Nerodia sipedon is carnivorous, with the majority of its diet being fish and 
amphibians (King 1993).  Although some species of Nerodia have been maintained in 
captivity for periods of several months, researchers have not attempted to keep large 
numbers of N. sipedon in captivity for a period over three weeks (R.B. King, pers. 
comm.; N.B. Ford, pers. comm.). 
 While little research has been conducted on organic contaminants and Nerodia to 
date, several studies have analyzed multiple endpoints of contaminant exposure.  For 
example, Murray et al. (2010) estimated heavy metal exposure on N. fasciata and 
correlated exposure with DNA-strand breakage.  Other endpoints that have been 
examined in the context of heavy metal exposure and N. fasciata include: standard 
metabolic rate, bioaccumulation after chronic exposure, liver histopatholoy, and trophic 
transfer (Hopkins et al. 1999, 2002, 2005; Ganser et al. 2003).  Other research on Nerodia 
has focused on using non-destructive sampling in the field to create a representative view 
of heavy metal load within snake tissues (Hopkins et al. 2001).   
Research Objectives 
The purpose of this study was to detect endocrine disruption by ingested atrazine 
in wild-caught N. sipedon by measuring plasma estradiol levels throughout the three 
month gestation period.  Atrazine’s potential as an immunotoxicant was explored in 
relation to the survival of the females.  To determine effects of atrazine ingestion on the 
neonates that were exposed in utero, comparisons of morphometrics, sex ratio, and 
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condition (live vs. stillborn) of the neonates were made between the four treatment 
groups. 
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MATERIALS AND METHODS 
Study Sites and Specimen Collection 
During or shortly after their emergence from hibernacula in April 2009, nine 
female snakes were collected at Lake Charleston near Charleston, Coles Co., Illinois (-
88.1468785 long., 39.467139 lat.; Fig. 5).  The population density of N. sipedon at this 
location is relatively high, and all life history stages have been observed at this site (Olds 
2007).  Another 16 female snakes were collected at Lake Mattoon, Cumberland Co., 
Illinois (-88.48172 long., 39.33337 lat.; Fig. 5).  Additionally, seven males from Lake 
Charleston and five males from Lake Mattoon were captured and brought to the 
laboratory. Patterns of land use (e.g., row-crop agriculture) within 500 m of either lake 
and along the watersheds that flow into the lakes make snakes’ exposure to atrazine 
highly probable.   
Mass (±0.1 g) and snout-vent length (SVL; ±1 mm) was recorded for each 
individual using standard methods (Fitch 1987).  Each individual was marked uniquely 
using a medical cauterizer (Winne et al. 2006) and gender was verified using a cloacal 
probe.  Blood was obtained (1 ml) from the caudal vein of each snake for hormonal 
analysis (described below). 
Every snake was housed in a 30x30x60 cm plastic cage, each having newspaper 
substrate, a water dish, a rock to aid with shedding, and a plastic shelter.  Males were 
immediately paired with females.  During this time, water was available ad libitum, but 
animals were not fed.  After one week of being paired with a single female, the male was 
rotated to a new female for an additional week to increase the likelihood of insemination 
(Riches 1976).  After the second week, to further facilitate individual identification, the 
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males had a passive integrative transponder (PIT tag; 12x2.1 mm) inserted into their body 
cavity (Fitch 1987; Jemison et al. 1995).  Males were then released at their respective 
sites of capture. 
After the watersnakes gave birth, their health was monitored.  If there were no 
major negative signs from the ingestion of atrazine, the female subjects were released 1-2 
weeks after giving birth.  Before release, all snakes were re-measured and individuals 
from Lake Charleston were implanted with a PIT tag. 
Atrazine Ingestion 
Beginning on 1 June 2009, female watersnakes in captivity began to receive one 
of the following atrazine treatments:  0 (control), 2, 20, or 200 ppb of atrazine.  The 
treatment group to which each female was assigned was randomly selected.  Live 
minnows (Notropis sp.; Pana Bait Company, Pana, Illinois) were obtained weekly and 
injected with 1 ml of atrazine solution (the concentration of which was confirmed using 
ELISA; see below).  The fish were immediately offered to the respective snake for a 
period of not more than 1 hr to avoid any degradation of atrazine.  If the fish were not 
consumed in that time frame, the female snakes were force fed by palpation to ensure that 
the embryos within each female were exposed to the appropriate atrazine concentration 
throughout gestation.  Females were fed in this manner twice weekly, such that each 
individual was fed 10% of her body mass every week.  Every week, 1 ml of blood was 
obtained from the caudal vein for hormonal analysis.  The sample was placed on ice for a 
maximum of 1 hr, until processed further (described below). 
In mid- to late August, females were observed closely for signs of parturition.  As 
soon as the neonate snakes were born, they were removed from the mother’s enclosure.  
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The head and neck of each neonate was photographed to allow for unique identification.  
Within 24 hr of birth, a 0.1 ml blood sample from each live neonate subject was obtained, 
its mass and SVL were recorded, and its gender was determined using a cloacal probe. 
Each neonate was housed with its siblings in conditions similar to those previously 
described for the adults.  After 3-4 weeks, the neonates were euthanized by overdosing 
with inhaled isoflurane, and then placed in a freezer (-20 °C) until further analysis. 
The neonates that were stillborn were measured immediately (mass and SVL), 
probed for sex determination, and then marked dorsally with a unique sequence of white 
dots.  These individuals were frozen (-20 °C) before further analysis (see Appendix II).  
All neonates, embryos, and undeveloped yolks were weighed and used to calculate 
relative clutch mass (RCM; Seigel and Fitch 1984; Gregory et al. 1992). 
Atrazine Preparation 
The atrazine (98.9%, ChemService; West Chester, PA) was dissolved in 1 ml 
95% ethanol, which was then mixed with 1 L diH2O.  Using this as a stock solution, the 
three treatment groups (2, 20, and 200 ppb) were mixed via serial dilution.  The control 
solution was 1 ml 95% ethanol and 1 L diH2O.  Verification samples were confirmed 
using an enzyme-linked immunosorbent assay (ELISA; see below for description).  The 
concentrations used for this study are all realistic ecological amounts given the proximity 
of water bodies to agricultural fields (Graymore et al. 2001; Gross 2009). 
Blood Sample Preparation 
The blood sample obtained from each female subject remained on ice for not 
more than 15 min before being spun in a microcentrifuge for 10 min at 8,000 rpm, which 
separated the plasma from the red blood cells.  The plasma was extracted and placed in a 
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new 1.5 ml vial.  Within 45 minutes after been separated via centrifugation, the blood and 
plasma samples were frozen at -20 °C until further analysis.  Because there was an 
inadequate amount of neonate plasma to run each sample individually, the samples were 
pooled by clutch and by sex (e.g., male siblings’ plasma was mixed).  Depending on the 
clutch, plasma from three or four neonates comprised one sample. 
Solid Phase Extraction of Estradiol 
The plasma was thawed on ice for approximately 20 min and then prepared for 
the ELISA evaluation by performing a solid phase extraction (SPE; protocol described in 
Appendix I and modified from Newman et al. 2008).  SPE isolates the nonpolar steroid 
hormones (specifically 17β-estradiol) from water by bonding them to a nonpolar sorbent 
(in this case, a C18-bonded silica).  This process generates Van der Waals forces, which 
allow for all polar components to be separated from the nonpolar components.  When 
using plasma, this process also allows for the removal of lipids such as fatty acids and 
triglycerides (Sigma-Aldrich Co. 1998; Newman et al. 2008).  A known concentration of 
17β-estradiol (Steraloids Inc., Newport, RI) was extracted to determine the percent 
recovery.  The procedure yielded a 72% recovery rate, which is comparable to other 
studies that have used this method (e.g., Newman et al. 2008). 
ELISA for Estradiol 
Dilutions were necessary to obtain concentrations between the detection limit of 
the ELISA kit (2.5 – 25 pg/L) and were performed according to protocol (Abraxis 2008).  
These diluted samples were shaken for one hour and then analyzed using the 17β-
estradiol (E2) ELISA Kit (magnetic particle) manufactured by Abraxis LLC 
(Warminster, PA).  This is a competitive ELISA that binds exclusively to E2 with 
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uniform monoclonal antibody quality.  A conjugate, 17β-Estradiol-enzyme, is used to 
determine the concentration of E2 in the sample.  The lighter the color (lower 
absorbance) indicates a greater concentration due to the E2 preferentially binding to the 
sites.  The concentrations are determined all at 450 nm, based on a standard curve 
(Abraxis 2008).   
Female Mortality 
Throughout the study, each snake was monitored for any signs of weakness, 
sickness, or other signs that might indicate a decline in health.  Approximately three 
weeks following the first dose of atrazine, some of the subjects were showing signs of 
infection on the scales and skin.  Such individuals were treated by soaking individually in 
a 10% povidone-iodine (BetadineTM) solution, allowing them to bask for approximately 1 
hour in a separate tank with a 60 W bulb, and applying a topical antibacterial gel 
containing neomycin sulfate, polymyxin B, and bacitracin zinc (NeosporinTM) to the 
infected site (Hoppmann and Barron 2007).  The progression of this infection was noted 
until the termination of the experiment or the death of the snake. 
Other causes of mortality were noted.  Necropsies were performed on any 
individual that died to determine possible cause of death.   If a snake died for a reason 
unrelated to a scale infection (i.e., the individual had no or minor symptoms of infection, 
and another cause was apparent), its cause of death was categorized differently from 
those individuals presenting symptoms characteristic of the scale/skin infection.  
Stillborn Neonates 
Many female snakes gave birth to fully-developed but dead neonates.  The 
proportion of live to dead neonates for each snake was recorded.  Neonates from any 
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female that died before birthing were not included in the analysis of still-born neonates.  
In one instance, neonates were removed from a dead female before they died, but they 
were not included when analyzing the proportion of stillborn neonates. 
Statistical Analyses 
After testing all assumptions for using a parametric statistics, an analysis of 
variance (ANOVA) was used to compare the initial masses at capture of all of the 
females as a function of treatment.  An ANOVA was also used to determine if treatment 
affected the change between initial mass at capture and mass at the end of the treatment 
(at 3 mo).   
The concentration of estradiol was log-transformed to meet the assumption of 
normality prior to any analyses (PROC UNIVARIATE, SAS v9.0; SAS Institute, Cary, 
NC).  All of the analyses were performed on both the gravid females only (control n = 5, 
2 ppb n = 7, 20 ppb n = 6, 200 ppb n = 5) and all female snakes (control n = 7, 2 ppb n = 
7, 20 ppb n = 6, 200 ppb n = 6) combined.  For all analyses, values for the gravid females 
and all female snakes did not differ; therefore, all of the female snakes were used in the 
analyses. 
The two time scales of birth week (back-calculated from when the female gave 
birth) and treatment week were analyzed using a linear regression (PROC REG).  
Because of multiple data points for each week, the deviation of linearity was also 
calculated by using the sum of squares of the linear regression.  An Akaike information 
criterion (AIC; Akaike 1974) calculated the best fit regression model.  The best non-
linear structure was determined by examining the AIC, ΔAIC, and evidence ratio for up 
to seven parameters.  The ΔAIC is calculated by subtracting the smallest AIC value from 
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the parameter’s value.  To determine the evidence ratio, the negative square-root of the 
ΔAIC is calculated (wi value).  The wi value for each parameter is divided by the 
parameter that is next best according to the ΔAIC value to calculate the evidence ratio.  A 
general linear model (PROC GLM) was run with estradiol concentration as the dependent 
variable and treatment as the independent variable. A mixed model (PROC MIXED) 
analysis was performed to minimize the effects of repeated measurements of the same 
individuals within the data.  
The mean estradiol concentration was calculated for each female.  A t-test was 
conducted comparing the control to the atrazine-treated females.  An additional t-test was 
conducted comparing the pooled mean of control and 2 ppb treatments to the pooled 
mean of 20 and 200 ppb treatments because the former treatment levels are below the 
EPA human consumption limit. 
Female mortality and cause of death were analyzed using a logistic regression 
with treatment and female initial mass as independent variables.  Relative clutch mass 
was calculated by dividing the total clutch mass (both neonates and embryos) by the 
female’s post-birth mass.  This was performed only with data from those neonates that 
were fully developed (as determined by presence of complete scale formation).  Analyses 
of covariance (ANCOVA) were used to compare neonate SVL and mass as a function of 
treatment group and mass of female at capture.  The effect of treatment on the sex ratio of 
the neonates from each female was determined using a logistic regression.   
Differences in the percent of live neonates born to each female snake as a function 
of treatment were compared with an analysis of variance (ANOVA) with a post-hoc 
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Dunnett’s test comparing the mean of the control group to that for each of the treatment 
groups. 
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RESULTS 
Female Morphometrics 
As SVL increased in female snakes, so did their body mass (F7,5 = 8.90, p = 0.01).  
However, the initial mass (F25,22 = 0.69, p = 0.42) and SVL (F25,22 = 0.48, p = 0.70) of the 
female subjects did not vary between treatments (Table 1).  
Estradiol Levels 
The SPE procedure yielded a 72% recovery rate.  There was no linear pattern 
between birth week and the concentration of estradiol (F1,198 = 0.88, p = 0.35).  
Additionally, there was no deviation from the linearity for birth week (F14,198 = 1.12, p = 
0.35).  Because of this, no further analyses were run on birth week. The relationship 
between treatment week and estradiol levels was nonlinear (F1,234 = 0.12, p = 0.73), with 
a significant deviation from linearity (F11,234 = 5.25, p < 0.0001).  When fitting the non-
linear models, the AIC and evidence ratio showed that the quartic (5 parameters) model 
was the best fit, although the quartic, quintic, and sextic (5-7 parameters) models fit the 
model best as a group according to the AIC, ΔAIC and evidence ratio measures (Table 2).  
This non-linear pattern can clearly be seen in the fluctuation of the estradiol 
concentration from week to week (Fig. 6). 
The GLM analysis showed no relationship between treatment and the 
concentration of estradiol (F3,343 = 1.31, p = 0.27).  The concentration of estradiol was 
also not affected by whether or not the female was gravid (F1,343 = 0.48, p = 0.49).  The 
best-fit mixed model was the base model (variance component).  Two covariance 
structures (compound symmetry and auto-regression) were similar to the variance 
component statistics.  The mixed model output was the same as the GLM analysis 
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indicating that the inter- and intra-individual variances were similar.  The t-test 
comparing the means of the control snakes’ estradiol concentrations to the snakes’ 
plasma concentration in the other three treatment groups showed that there were no 
differences between the means (t = 0.93, p = 2.07; Fig. 7). 
Female Mortality 
The subject mortality over the duration of the study was not affected by the 
concentration of atrazine received in the fish diet (χ2 = 6.70; p = 0.46).  Among all 
treatment groups, four different causes of death were determined (Table 3).  The primary 
cause of death for the snakes was an infection that spread rapidly on an individual’s 
scales (Fig. 8).  The initial symptoms included small to medium (0.5 – 1 cm) pustules 
forming between scales on the ventral side followed by deterioration of the scales, 
typically starting around the regions of the neck and cloaca. 
If the infection advanced (not in all cases), symptoms became more systemic, 
influencing the musculature.  These symptoms included: 1) complete loss of scales and 
skin, resulting in exposure of flesh, especially around the neck; 2) weakness of muscles 
(as determined by palpation and body movements; and, 3) poor righting response 
(requiring more than 30 sec) followed by death.  Necropsies performed on individuals 
that died in the advanced stages of this infection revealed no obvious internal 
malfunction.  Larger snakes that were treated made up a higher proportion of the snakes 
that died from the infection (χ2 = 32.22, p = 0.003, R2 = 0.63; Fig. 9).   
Reproductive Output and Morphometrics 
There were no differences in RCM as a function of treatment (F17,14 = 0.44 p = 
0.73; Table 4).  The sex ratio of the neonates born to these females did vary as a function 
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of treatment, however, with more male offspring being produced by females exposed to 
the 200 ppb atrazine treatment (χ2 = 8.23, p = 0.04; Fig. 10).  The mass of the neonates 
did not differ between treatment (F3,9 = 0.97, p = 0.54)  or as a function of the mother’s 
initial mass (F1,9= 1.00, p = 0.42).  The SVL also did not differ as a function of treatment 
(F3,9 = 2.55, p = 0.29) or mother’s mass (F1,9 = 1.63, p = 0.31; Table 5).  
Stillborn Neonates 
The concentration of atrazine in the diet that gravid subjects received during 
gestation appeared to influence the proportion of neonate snakes that were stillborn (F12,9 
= 3.13, p = 0.08; Fig. 11).  Specifically, female snakes in the 20 ppb treatment were less 
likely to produce live offspring than those in the control group.  The interaction between 
the sex ratio and treatment also had an effect on the proportion of neonates that were 
stillborn, with males being stillborn more frequently than females (F12,8 = 5.31, p = 0.02). 
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DISCUSSION 
 
The balance between hormones and development is an important area of 
ecotoxicology because of the potential long-term effects that result from exposure to 
endocrine-disrupting chemicals.  Fluctuations from the normal levels of hormones can 
impact both organizational and activational development that alters physiology and 
behavior.  Furthermore, using model organisms such as watersnakes, provides unique 
insight into the effects of atrazine exposure on a common organism that is found in 
heavily-exposed areas.  This study tests a variety of endpoints using an ecologically-
relevant means of delivering atrazine – a manner similar to that which snakes experience 
when ingesting their primary prey item in the field. 
Plasma Estradiol 
While many studies have used radioimmunoassay as a method of comparing 
and/or quantifying estradiol levels in reptiles (Whittier et al. 1987; Taylor et al. 2004), the 
results of this study show that an SPE extraction, followed by an ELISA, can be an 
effective method to compare estradiol levels in snake plasma.  The lack of variation 
between individuals in each treatment demonstrates that, although the ELISA was not 
verified by gas chromatography, the relative level of estradiol detected was consistent 
based on the fact that the similar patterns of estradiol fluctuation were observed for each 
snake and each treatment (Fig. 6 and Fig. 12). 
One of the interesting results was that the non-gravid females had similar levels of 
estradiol in their plasma when compared to the gravid females.  This finding is 
contradictory to many studies on snake reproduction (e.g., Whittier et al. 1987, Taylor et 
al. 2004), and might be caused by natural stochasticity because only three individuals 
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were not gravid and therefore the sample size was small.  Additionally, evidence of either 
retention or expulsion of unviable or dead embryos has been provided for squamates 
(Blackburn et al. 2003; Blackburn 2006).  Because of this, some females in this study 
may have been gravid for part of the gestation period and aborted the embryos.  Because 
the only confirmation of gravidity was palpation and whether the female gave birth, a 
snake may have been gravid without being detected. 
The non-linear relationship between treatment week and estradiol levels indicated 
that atrazine exposure explained some of the variance between treatment groups.  The 
non-linear nature of this interaction is consistent with the endocrine disruption model 
(Fig. 1).  Interestingly, the concentration of estradiol did not model similarly when 
compared to the gestation week.  A greater sample size could have aided in determining a 
more quantifiable pattern for both birth week and treatment week because each snake’s 
estradiol levels had a high amount of variation from week to week. 
An important problem in interpreting these data is the documented inter-
individual variability in hormone levels.  Although no study has examined the variability 
in estradiol levels in female N. sipedon, the androgen levels in male N. sipedon can be 
inconsistent across individuals, although each individual follows a similar temporal 
pattern (Weil and Aldridge 1981).  In T. sirtalis, extensive surveys of females have 
shown a great deal of individual variation in estradiol and progesterone levels (Whittier 
and Tokarz 1992).  
In the present study, the complex relationship between treatment week and 
estradiol level might be caused by the differential depression of estradiol from 
corticosterone produced as a result of atrazine exposure.  Corticosterone is a 
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glucocorticoid hormone that is released in response to stressors, such as being maintained 
in captivity and handling (Mathies et al. 2001).  Research has shown that exposure to 
contamination induces an increased release of corticosterone in alligators (Gunderson et 
al. 2003).  While prolonged exposure to elevated levels of corticosterone can have 
pernicious effects on an organism, it can also have the effect of depressing estradiol 
production in reptiles (Elsey et al. 1991; Moore et al. 2000).  Because corticosterone is 
synthesized using the same basic compound as estradiol (cholesterol), this might indicate 
a limited amount of starting material that is directly available (Hadley and Levine 2003).  
A negative relationship between corticosterone and estradiol might have necessarily 
decreased the concentration of estradiol, making a clear connection between exposure 
and estradiol levels difficult to detect.   
Whittier (1987) determined that stress in captivity did not alter the levels of 
estradiol in female T. sirtalis parietalis.  This conclusion was formed from analyzing the 
estradiol levels in both wild and captive populations.  It should be noted, however, that 
the captive animals in Whitter’s study were overwintered in the lab and might have 
become habituated to captive conditions.   
It is important to note that elevated levels of a specific sex hormone are not 
always correlated with sexual development during exposure to contamination.  In fact, 
there can be measurable differences in sexually dimorphic traits between individuals 
exposed to a contaminant and individuals that are not exposed, even when there is no 
difference in testosterone and/or estradiol.  In the Snapping Turtle (Chelydra serpentina), 
precloacal length, which is greater in males than females, was reduced in males after 
developing in a contaminated area.  However, the testosterone and estrogen plasma levels 
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were not altered.  It is unclear as to the precise control mechanism that caused this 
relationship, but it may be related to hormone receptors or hormones that were not 
measured (De Solla et al. 1998).  This also may be explained by the phenomenon of 
temperature-dependent sex determination that snapping turtles exhibit.  While estrogen 
induces the female sex, there is a distinct interaction with temperature that may confound 
this relationship (Bergeron et al. 1994). 
While there are many hypotheses about the action of atrazine on estradiol, there 
have been no studies on atrazine exposure in reptiles and hormones.  The strongest body 
of available research has been conducted on amphibians and remains largely 
inconclusive. Some of this research has shown that estradiol levels are lowered in males 
exposed to low levels of atrazine (e.g., Coady et al. 2005).  Hayes et al. (2006) 
demonstrated that atrazine exposure produced very similar effects to exposure to 
exogenous estradiol, indicating that atrazine may elevate levels of estradiol.  Stoker et al. 
(2000) provided evidence that estradiol increases after exposure to atrazine at certain 
concentrations.  There have not been any studies that have shown the relationship over a 
longer period of time (> 1 week) between atrazine and estradiol levels.  
The results of this study indicate that, in N. sipedon, there might not be an 
induction of aromatase as a function of atrazine exposure.  Rather, there might be an 
effect on steroid synthesis and/or steroid conversion that were not detected by solely 
measuring estradiol in the blood.  For example, many enzymes that aid in the 
steroidogenic process, such as a variety of cytochrome P450 enzymes, have been shown 
to be affected by endocrine disruptors but the effect of atrazine on them has not yet been 
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examined (Sanderson 2006).  Additionally, the interaction between all of the intermediate 
steroid products has not been examined. 
Female Survival 
Another endpoint examined in this study was the survival of the females over the 
three-month period.  This is a more traditional endpoint for toxicological studies but, in 
spite of the fact that mortality was not affected by atrazine treatment, the results indicated 
a pattern that follows the endocrine disruption model.  The majority of the deaths were 
from the infection, but two individuals in the control group died from events that were 
potentially stochastic in nature (Table 3).  A larger sample size, especially within the 
control group, would have helped determine if the atrazine affected mortality as a whole.  
Although nearly every animal from every treatment was affected by the initial stages of 
the infection, subjects in the lowest treatment of atrazine (2 ppb) experienced a higher 
rate of mortality from the infection than those in the control group.  This indicates that 
atrazine might have had an impact on the immune system of the snakes. 
Atrazine ingestion, coupled with the stress of captivity, might have elevated levels 
of corticosteroids.  While corticosterone might be responsible for these effects, the tropic 
hormone, adrenocorticotropic hormone can also have direct effects on the fitness of an 
organism, such as the destruction of lymphoid tissue (Vos and Moore 1977).  The higher 
death rate associated with the infection could potentially be linked to elevated 
corticosterone levels.  Given that the duration of this study was approximately three 
months, corticosterone levels in the female snakes could have been elevated for the entire 
period.  Corticosterone levels in female snakes increase before they give birth, (Taylor et 
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al. 2004).  This further supports the hypothesis of elevated corticosterone because the 
majority of the females died around the time that they gave birth. 
All of the individuals in this study were subjected to the same captive 
environment and approximate handling time.  Given that the subjects receiving the 
highest atrazine concentration had the highest proportion of deaths from infection (Fig. 
10), atrazine might have caused a greater increase in corticosterone, which was likely 
already high due to the subjects being maintained in captivity (Marra et al. 1995; Mathies 
et al. 2001).  Elevated corticosterone levels can sufficiently lower the ability of the 
immune system to respond to infections, and this might have been the reason that the 
subjects with the added stress of atrazine ingestion succumbed to the disease (Vos and 
Moore 1977).  This measure highlights a potential disruption in immune functioning that 
may also be related to the estradiol levels in the females.  
Reproductive Output 
Control of development and birthing is mediated in large part by estradiol.  While 
the estradiol level measurements might have been affected by the ingestion of atrazine, a 
more biologically-relevant endpoint is the reproductive output of the individual.  One of 
the proposed consequences of atrazine exposure at low levels has been a skew in sex 
ratio, with organisms producing more females than males.  This outcome is thought to be 
due to an increase in estradiol levels.  However, the bulk of this work has been conducted 
on amphibians (Hayes et al. 2006; Rohr and McCoy 2010).   
Within this study, there were differences between the sex ratios of the treatment 
groups.  Interestingly, the sex ratio was male biased.  This finding is supported by 
Matsushita et al. (2006) who found that atrazine inhibited the regression of the right 
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gonad in chicks.  This regression is necessary for the development of testes.  Therefore, 
female chicks had testis-like structures (non-regressed right gonads) in addition to fully-
functioning ovaries.  The differences in sex ratio, as well as the disruption of the estradiol 
levels when analyzed by week of treatment, indicate that sexual development of the 
neonates might have been altered by the atrazine treatments.   
Because there were no differences in estradiol levels as a function of treatment, it 
is possible that another hormone or mechanism was responsible for the skewed sex ratio 
in neonate watersnakes.  For example, vitellogenin has recently been proposed as a 
measurement for endocrine disruption because it is induced by estrogen to produce 
follicles in a mature female (Sumpter and Jobling 1995).  While research has focused on 
estrogenic contaminants and the presence of vitellogenin in males (Cheek et al. 2001), it 
could have been measured in this study as an indirect measurement of increased or 
decreased estrogen activity.  
While probing the cloaca is a validated measurement for determining the sex of a 
snake (Fitch 1960), this method might be inadequate to measure small potential 
differences in size and development of sex organs.  Studies that have revealed 
abnormalities in the sex organs have relied on morphological characteristics as well as 
histological ones (Hayes et al. 2002b, 2006; Langlois et al. 2009).  Most frequently, these 
histological analyses have been used to show the alterations in the sex organs. 
Another indication of abnormal sex organ development is in quantifying male 
testicular oocytes, or testicular ovarian follicles (TOFs).  The appearance of such 
structures does not normally occur in genetic males. Several studies have demonstrated 
an endocrine disruption model pattern for the development of TOFs.  For example, the 
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number of TOFs was elevated after exposure to 10 μg/L atrazine and was lower at 1	  and 
25 μg/L (Du Preez et al. 2008).  Not all studies have demonstrated this interaction, but it 
is still an endpoint that is used for atrazine and testes development (Jooste et al. 2005).  In 
this study, TOF counts were not made, but could have been useful for analyzing 
reproductive development. 
Finally, because studies on N. sipedon populations (both captive and free-living) 
have revealed a non-biased sex ratio (50:50 ratio M:F; Weatherhead et al. 1998), the 
male-biased sex ratio observed in this study is unlikely to be a natural phenomenon.  
Larger female N. sipedon tend to produce more females, but the statistical analysis in this 
study controlled for this feature of their natural history.  This phenomenon is currently 
unexplained, but this bias towards female offspring might be caused by larger 
watersnakes having the ability to allocate more resources to the neonates and producing 
females (Weatherhead et al. 1998).  However, the sex of the neonate is typically 
unaffected by its size at birth (Weatherhead et al. 1998; Gibbons and Dorcas 2004).   
Neonate Morphometrics 
The size of newly-hatched turtles is not affected by exposure to atrazine during 
development (Neuman-Lee and Janzen 2010), which is consistent with the findings of 
this study.  The only effect on neonate watersnake mass and SVL was the mother’s size, 
which is contradictory to other studies on N. sipedon (Weatherhead et al. 1998; Brown 
and Weatherhead 1999).  The mother’s size may have affected the neonates’ 
morphometrics due to the differences in location of the population used by Weatherhead 
et al. (1998, 1999) and this study, and/or due to an unquantified feature associated with 
atrazine treatment.   
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Neonate Survival 
Ingested atrazine negatively affected the percentage of live births (especially at 
the 20 ppb treatment level; Fig. 11), a finding that might be a function of a synergistic 
response to increased corticosterone levels from the atrazine treatment, pregnancy, and 
the captive conditions.  The elevation of plasma concentrations of corticosterone during 
reproductive periods in both males and females has been shown in many reptiles (Moore 
and Jessop 2003).  Low levels are generally beneficial for reproduction.   As the 
corticosterone levels increase, however, reproduction is inhibited and is often correlated 
with a decrease in sex steroids (Moore and Jessop 2003; Moore et al. 2005).  Robert et al. 
(2009) documented an increase in still-born neonates as a result of elevated 
corticosterone plasma levels in Thamnophis (a sister Genus to Nerodia).  However, the 
toxicity of ingested atrazine on developing squamates has not been examined.  Therefore, 
it is not possible to discount that atrazine had a toxic effect on the neonates. 
The proportion of live births differed among clutches having different sex ratios.  
Female subjects that birthed male-biased litters had lower success of live-birth than those 
producing female-biased litters, a finding supported by another study on N. sipedon 
(Weatherhead et al. 1998). The negative effect that atrazine had on the proportion of live-
birth has implications for the overall population of N. sipedon.  While Northern 
Watersnakes are common throughout most of their range, there are other natricine species 
that utilize similar habitat and prey types and are listed in the United States as federally 
endangered or threatened due to declining populations (e.g., Copperbelly Watersnake [N. 
erythrogaster neglecta], Lake Erie Watersnake [N. sipedon insularum], Giant 
Gartersnake [Thamnophis gigas], and San Francisco Gartersnake [T. sirtalis tetrataenia]; 
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US Fish and Wildlife Service 2010).  In species with low population numbers, a decrease 
in live-births can be detrimental to the survival of the population due to the possibility of 
bottlenecks and/or inbreeding depressions (Újvári et al. 2002). 
The sample size for determining the effects of atrazine on the percentage of still-
born neonates was greatly decreased by the high mortality of females.  It cannot be 
predicted how many live births and stillbirths would have been produced by these 
females had they survived. 
Use of Multiple Endpoints 
 While most ecotoxicological studies focus on mortality, this endpoint is 
unsatisfactory when attempting to understand the complexity of the ecological effects of 
a contaminant on an organism.  In order to truly assess the impacts of a contaminant, 
multiple endpoints must be analyzed.  Using an endpoint that controls reproduction, such 
as estradiol levels, a framework can be established to examine a host of other endpoints 
related to reproductive output.  Within this study, any single endpoint was inadequate to 
fully understand of the effects of atrazine ingestion by gravid N. sipedon.  When all of the 
endpoints are evaluated (Table 6), however, the negative impacts of atrazine ingestion on 
reproductive output were elucidated. 
Future directions 
Little work has been conducted on the effects of exposure during development on 
future reproductive fitness.  Because of logistic complications of maintaining vertebrates 
in the lab for long periods of time, these analyses are performed infrequently.  Some 
research with amphibians has indicated that there might be an effect on reproductive 
fitness that continues at least until the F2 generation when individuals are exposed during 
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development to low levels of atrazine.  For example, Du Preez et al. (2008) found that 
survival of frogs in the F2 generation decreased when exposed to 1 μg/L atrazine.  
However more research is needed to clarify this relationship.  
Exposure to atrazine at different life stages could affect different endpoints.  
Being wild-caught, the snakes in this study were likely exposed throughout their life span 
to atrazine as well as numerous other contaminants.  Exposure to atrazine at different life 
stages has shown to cause different effects on individuals in anurans.  Allran and Karasov 
(2001) showed that atrazine exposure had no effect on hatching success from eggs and 
increased deformities in larvae in three species of anurans (Lithobates pipiens, L. 
sylvatica, and Anaxyrus americanus).  In the adult L. pipiens, atrazine may have caused 
respiratory distress due to an increase in buccal and thoracic ventilation.  Yet no research 
has been conducted on reptilian life history or physiology. 
 In order to accurately assess the full range of effects of endocrine disruptors on 
both an individual and a population, the reproductive fitness of the exposed individual 
needs to be further quantified.  Hormones control the development not only of the sex 
organs, but also of the brain.  These neural components of development are related to the 
sexual dimorphism of brain nuclei, particularly the anteroventral periventricular nucleus 
and an area of the preoptic area.  These areas are different in size between sexes, which is 
likely indicates a difference in function (Gore 2008).   
When analyzing the neonates after exposure in utero to atrazine, several variables 
were not accounted for within this study.  For example, while the neonates had the same 
genetic material from the mother, multiple paternity frequently occurs in natricine snakes 
(King et al. 2001; Prosser et al. 2002).  Although the snakes were introduced to known 
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males in captivity, the females could have either stored sperm from previous years (as 
hypothesized in Prosser et al. 2002) and/or mated prior to capture.   
One of the greatest challenges in evaluating the results reported here comes from 
the lack of knowledge of the normal functioning of reptilian endocrine systems.  While 
some systems have been well studied (e.g., Moore and Lindzey 1992; Whittier and 
Tokarz 1992), much remains unknown about production and control of hormones in 
reptiles.  The difficulty in deciphering the subtleties of initial effects adds to the urgency 
and critical nature of this research.  This study on the effects of atrazine on estradiol 
levels in gravid watersnakes and the subsequent development of the neonates is an 
important addition to the growing body of research addressing these questions.   
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Table 1. Mean (±1 standard error), minimum, and maximum snout-vent length (mm), initial mass (g) at capture, and final mass 
(after 3 months of ingestion of atrazine) for female Nerodia sipedon caught in central Illinois in 2009.  
 Snout-Vent Length Initial Mass Final Mass 
Treatment Mean Minimum Maximum Mean Minimum Maximum Mean Minimum Maximum 
Control 844.9 ± 52.1 656 1005 526.4 ± 98.1 205 945 509.9 ± 96.0 181 819 
2 ppb 884.0 ± 113.8 806 977 610.6 ± 65.3 375 869 565.0 ± 55.6 326 758 
20 ppb 785.8 ± 22.9 690 850 408.9 ± 32.7 283 522 403.0 ± 29.9 302 487 
200 ppb 845.3 ± 37.0 727 
 
925 521.8 ± 79.7 248 712 546.2 ± 69.8 299 714 
Overall 813.7 ± 33.8 656 1005 516.9 ± 38.0 205 945 506.0 ± 34.8 181 819 
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Table 2. Akaike information criteria (AIC) values determining the best fit for the 
nonlinear model for the concentration of estradiol in female Northern Watersnakes 
(Nerodia sipedon).  ΔAIC is the difference between the best fit model (lowest AIC) and 
the AIC value for that parameter.  wi is calculated by taking the negative square-root of 
the ΔAIC.  That value is divided by the next best parameter to determine the evidence 
ratio. 
Model # of Parameters AIC ΔAIC wi Evidence ratio 
Quartic 5 2397.47 0.00 0.64 2.00 
Quintic 6 2398.86 1.39 0.32 2.72 
Sextic 7 2400.86 3.39 0.12 44.26 
Quadratic 3 2408.44 10.97 0.002 1.02 
Linear 2 2408.48 11.01 0.003 1.67 
Cubic 4 2409.50 12.03 0.002 -- 
 
	  
	  
	  
	  
	  
	  
 
  
65	  
	  
 
Table 3. Causes of death described for gravid Northern Watersnakes (Nerodia sipedon) 
exposed to different concentrations of atrazine during gestation in 2009, with number of 
individuals dying within each treatment. 
	  
Cause of death Treatment Number 
affected 
 
Infection (see text) Control 1 
 2 ppb 3 
 20 ppb 2 
 200 ppb 3 
Oviduct perforated by calcified embryonic plug Control 1 
Tumor  Control 1 
Intestinal blockage (individual displayed signs of 
advanced infection as well) 
200 ppb 1 
Unknown (individual had symptoms of advanced 
infection) 
2 ppb 1 
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Table 4. Mean (±1 standard error) relative clutch masses of  Northern Watersnake 
(Nerodia sipedon) clutches after ingesting atrazine throughout the gestation period (3 
mo.) in 2009, as calculated by dividing the total clutch mass in grams (all embryos and 
neonates) by the post-birth weight of the female. 
 
Treatment n Relative Clutch Mass (RCM) 
Control 5 0.15 ± 0.03 
2 ppb 5 0.13 ± 0.03 
20 ppb 6 0.12 ± 0.02 
200 ppb 2 0.11 ± 0.04 
Total 18 0.13 ± 0.01 
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Table 5.  Mean (±1 standard error), minimum, maximum values for snout-vent length 
(mm) and mass (g) of neonate Northern Watersnakes (Nerodia sipedon) after being 
exposed in utero to ingested atrazine throughout development.  
	  
  Neonate Snout-Vent Length Neonate Mass 
Treatment n Mean Minimum Maximum Mean Minimum Maximum 
Control 5 164.20 ± 
7.11 
135.55 183.54 3.68 ± 
0.36 
2.43 4.94 
2 ppb 5 161.41 ± 
7.65 
138.25 184.9 3.28 ± 
0.35 
2.22 4.58 
20 ppb 6 153.57 ± 
4.61 
137.56 164.00 3.39 ± 
0.65 
2.01 6.21 
200 ppb 2 161.05 ± 
5.48 
151.56 170.53 2.98 ± 
0.13 
2.74 3.20 
Overall 18 160.1 ± 3.09   3.3 ± 0.22   
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Table 6.  Summary of the effects of atrazine ingestion during gestation on gravid 
Northern Watersnakes (Nerodia sipedon) and their subsequent offspring. [*Discussed in 
Appendix II.] 
	  
	  
Endpoint  Effect of atrazine  
Estradiol levels  Yes—atrazine exposure explained some 
variation in estradiol levels over the 
course of gestation. 
 
Sex ratio  Yes—the 20 and 200 ppb exposure 
treatments had male-biased sex ratios. 
Mortality  No  
Cause of death Yes—larger females exposed to atrazine 
were more likely to die from infection. 
Stillbirths  Yes—females tended to birth more 
stillborn neonates following exposure to 
atrazine (p = 0.08). 
 
Liver lipid mass in females  No* 
Liver lipid in mass in 
neonates  
No * 
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Figure 1. The traditional model versus an endocrine disrupting model of dose-response.  
With increasing dose, the response also increases in the traditional model.  In the 
endocrine disrupting, or nonmonotonic, model the response is high at a low level before 
decreasing and increasing again (modified from Bigsby et al. 1999). 
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Figure 2. A diagram of the multiple factors influencing proper development of testes and 
the two aspects (environmental factors and maternal and exogenous estrogens) of 
potential maldevelopment examined in this thesis (modified from Sharpe and Skakkebaek 
2003). 
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Figure 3. An illustration of the conversion of testosterone to estradiol in a typical 
vertebrate.  One hypothesized mechanism of atrazine action is the excess induction of 
aromatase, therefore increasing the levels of estradiol in a system. 
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Figure 4. A diagram of the negative feedback loop of estrogen and androgens in the 
ovaries and testes (GnRH = Gonadotropin releasing hormones; FSH = Follicle 
stimulating hormone; LH = luteinizing hormone).
%+#
#
 
 
Figure 5. A satellite image of the locations and surrounding habitats of Lake Charleston 
and Lake Mattoon (in circles).  The town to the northwest is Mattoon while the town 
directly northwest of Lake Charleston is Charleston, Illinois. 
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Figure 6. Mean plasma estradiol concentration in female Northern Watersnakes (Nerodia sipedon) exposed to one of four 
atrazine treatments as a function of the week of treatment.
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Figure 7. Mean estradiol concentration (± 95% confidence interval) in the plasma of 
gravid Northern Watersnakes (Nerodia sipedon) during 3 months of atrazine ingestion in 
2009. 
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Figure 8. Dorsal (a) and ventral (b) views of an advanced stage of scale infection of an 
adult female Northern Watersnake (Nerodia sipedon) held in captivity for two and a half 
months. This individual died one week after photograph was taken. 
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Figure 9. Fate (expressed as a percentage) of Northern Watersnakes (Nerodia sipedon) 
for each of four treatment groups expressed as a percentage (Control n = 7; 2 ppb n = 7; 
20 ppb n = 6; 200 ppb n = 6). 
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Figure 10. Percent female Nerodia sipedon neonates (± 95% confidence interval) born 
after being exposed to atrazine in utero mother snakes ingested atrazine-laced fish 
throughout their pregnancy.  The black line indicates the expected 50% female neonates. 
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Figure 11.  Mean percentage (+ 95% confidence interval) of neonate Northern 
Watersnakes (Nerodia sipedon) born live per treatment (Control n = 3; 2 ppb n = 4; 20 
ppb n = 4; 200 ppb n = 2).  Different superscripts above bars denote statistically-distinct 
values. 
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Figure 12.  Mean plasma estradiol concentration in female Northern Watersnakes (Nerodia sipedon) exposed to one of four 
atrazine treatments as a function of the week of gestation.  Week 0 (indicated by black box) is the week the female gave birth. 
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Solid phase extraction protocol and purpose of each step 
	  
Step Purpose 
 
1. Sample Preparation 
a. Thaw plasma on ice 
b. Pipette 70 µL plasma into 10 ml of 
dH2O  
 
Mixing the plasma sample in water allows for 
the sample to be effectively collected in the 
SPE tube. 
2. Solvation 
a. Add 3 ml HPLC-grade EtOH 
b. Open valves and allow EtOH to 
flow through until 1 mm remains 
EtOH wets the surface and removes any 
contamination on the tube surface. 
3. Equilibration 
a. Add 5 ml dH2O to columns (2x) 
b. Open valves and allow dH2O to 
flow through until 1 mm remains 
The water is able to wet the silica to further 
prepare for the sample. 
4. Load sample 
a. Add ≈ 5 ml of sample to columns 
(2x) 
b. Open valves and allow sample to 
flow through until 1 mm remains 
 
The steroids form van der Waal bonds 
(nonpolar:nonpolar) bonds with the C18-
bonded silica.  The water flows through due 
to its polarity. 
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5. Interference Elution 
a. 5 ml dH2O to columns (2x) 
b. Open all valves and allow to flow 
through for 5 min using vacuum to 
ensure all dH2O is removed 
The impurities in the sample are washed away 
using water.  The other compounds are 
washed into the collection tubes. 
6. Sample Elution 
a. Add 5 ml 90% HPLC-grade MeOH 
to columns and soak for 2 min 
b. Allow sample to drip through 
slowly into clean tubes 
c. Turn on vacuum for 2 min to collect 
all MeOH 
MeOH forms hydrogen bonds with silica, 
which breaks van der Waals interactions with 
the steroids, allowing them to pass into the 
collection tube. 
7. Sample Drying 
a. Dry eluate under N2 stream 
This increases the drying rate.  The use of N2 
ensures that the steroids will not oxidize.  
This method also decreases the chance of 
contamination. 
8. Store sample at -20 °C or proceed to 
resuspension 
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9. Resuspension 
a. Add 100 µl MeOH directly onto 
bottom of vial 
b. Vortex 1 sec 
c. Add 900 µl diH20 into vial 
d. Vortex 3 sec 
 
This method of resuspension prepares the 
sample for direct application into the ELISA. 
10. Shake at ≈ 2000 rpm for 1 hour 
 
 
11. Store at 4 °C overnight 
 
 
12. Shake at ≈ 2000 rpm for 1 hour   
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Effects of maternal atrazine exposure on liver lipid content of gravid female 
watersnakes (Colubridae: Nerodia) and their neonates 
 
 
ABSTRACT 
 An emerging concern in ecotoxicology is the effect of contaminants on lipids, 
either through lipid metabolism or adipogenesis.  There is growing evidence that the 
obesity epidemic in the United States may be partially due to the increase in a class of 
contaminants known as endocrine disruptors.  Because of its role in detoxification and 
metabolism, the liver is a model organ in which to examine the effects of contaminants 
on lipids.  Gravid Northern Watersnakes (Nerodia sipedon) were exposed to the 
endocrine disruptor atrazine for approximately 3 months via ingestion of atrazine-laced 
fish.  The livers of neonate snakes that had been exposed to atrazine in utero were 
examined for total lipid content as a function of the concentration of ingested atrazine.  
The livers of 11 adult females were also examined.  The masses of liver lipids did not 
differ across treatments for either the neonate or adult female subjects. The results of this 
study indicate that atrazine has no affect on adipogensis or the breakdown of lipids in the 
liver in N. sipedon.  
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INTRODUCTION 
 
 Determining the true effects of contaminants on wildlife in an ecosystem is not 
possible given the wide variety of environmental parameters that can affect an organism.  
Typical assays to determine the lethal effects of contaminants often do not give a clear 
picture of the long-term effects on an organism’s fitness and reproductive output.  For 
one class of contaminants, endocrine disruptors, it is particularly evident that multiple 
endpoints should be examined to ascertain the nature of both lethal and sublethal effects 
(Crews et al. 2000). 
 Measuring the impact of endocrine disruptors has typically employed the use of 
biochemical and molecular techniques (Gluth and Hanke 1985; Tabb and Blumberg 
2006).  Although these methods can establish links between endocrine disruptors and 
organismal fitness, a clearer picture of the lethal and sublethal effects of a contaminant 
can be ascertained, especially when combined with additional research on the same 
system.  Lipid analysis is an emerging tool for analyzing sublethal effects of 
contaminants.  Many contaminants are either bioaccumulated in lipids, affect lipid 
accumulation, or affect adipogenesis (Geyer et al. 2000; Tabb and Blumberg 2006; Wada 
et al. 2007).  The liver is often used for these lipid analyses because it is integral in 
metabolism and detoxification (Köhler 1991). 
 Atrazine, one of the most widely applied herbicides in the United States, displays 
a wide variety of endocrine disrupting properties (McMullin et al. 2004; Hayes et al. 
2010).  Research on atrazine has revealed potency at low levels, including sublethal 
effects such as feminizing genetic males (Hayes et al. 2003), decreasing long-term 
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survival (Storrs and Kiesecker 2004; Neuman-Lee and Janzen 2010), and altering sex 
hormone production (Cooper et al. 2000).   
 An appropriate model for examining the endocrine-disrupting properties of 
atrazine is the Northern Watersnake (Nerodia sipedon), due to its high site fidelity, diet of 
fish and amphibians, aquatic nature, and wide geographic distribution (Hopkins 2000; 
Gibbons and Dorcas 2004).  As part of a larger study analyzing the effects of atrazine on 
gravid Northern Watersnakes, the total lipid content in the livers of the female snakes 
following gestation was examined.  The liver lipid content was also quantified from the 
neonates that were exposed to atrazine in utero.  The purpose of this study was to 
establish another endpoint for examining the sublethal endocrine-disrupting properties of 
atrazine.   
 
 
MATERIALS AND METHODS 
Specimen collection 
 In May and June of 2009, 25 female and 16 male Northern watersnakes were 
collected from Lake Mattoon (Cumberland Co.) and Lake Charleston (Coles Co.). 
Besides being used as reservoirs for the towns of Mattoon and Charleston, Illinois, 
respectively, the lakes are utilized recreationally for fishing and boating.  The watersheds 
for these two lakes are bordered primarily by agricultural fields.  The snakes were 
collected by hand or by noose and transported back to the lab.  The individuals were 
weighed (±1 g), measured (snout-vent length [SVL; ±1 mm]), and marked using a 
medical cauterizer (Winne et al. 2006).  The snakes were each kept in 30x30x60 cm 
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plastic cages with newspaper substrate, a rock to use for shedding, and water ad libitum. 
The cages were maintained on a thermal gradient (23 – 38 °C) and were exposed to a 
photoperiod of 12:12 h light:dark.  Males were paired with females for three weeks to 
ensure insemination and males were subsequently released at their sites of capture.  
Females were then housed individually. 
Atrazine Ingestion 
 The females were weighed weekly and fed 10% of their body mass, adjusted for 
each week.  This amount was divided into two feedings per week, with two days elapsed 
between feedings.  The females were fed minnows (Notropis sp.) purchased live from 
Pana Bait Co. (Pana, IL).  Fish were injected with either distilled water (control) or 
atrazine solutions such that the snake ingested the appropriate concentration (2, 20, or 
200 ppb).  If snakes did not consume the fish within one hour of being offered, each 
snake was force-fed its respective meal to ensure that all subjects received the proper 
dose of atrazine. 
Tissue Collection and Analysis 
 Neonates for this study were gathered in one of two ways.  Most of them (59%) 
were born to female snakes receiving the treatment.  Several females died near the end of 
their gestation such that other fully-developed neonates (41%) were removed from the 
mother’s oviduct post-mortem.  Clutches that did not have at least one fully-developed 
neonate (as determined by the presence of complete scalation) were not analyzed for liver 
lipid content.  Additionally, neonates that survived longer than 2 days post-partum were 
also not included in these analyses because these neonates were fed, and the lipid content 
in their liver is not comparable to the other neonates.  Upon birth (or removal from the 
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mother’s oviduct), the mass, SVL, and sex (determined by probing) was recorded for 
each neonate snake.  They were marked individually and frozen at -20 °C for further 
analysis. 
 To obtain liver tissue, each neonate snake was thawed and its body cavity opened 
with a mid-ventral incision from the cloaca to the heart.  The entire liver was removed 
and placed in a glass vial and frozen (-20 °C) until the lipid extraction procedure was 
performed.  After thawing each liver sample, it was transferred to a 1.5 ml centrifuge tube 
and the wet mass was recorded (± 0.001 g; values reported below are means of two 
weighings).  The tubes were placed in an oven at 60 °C for 72 h.  The liver was then re-
weighed to obtain the dry mass (± 0.001 g; values reported below are means of two 
weighings).   
 After drying, 500 μl of a 2:1 chloroform:methanol solution was added to the 
livers.  The liver samples were homogenized by manually grinding the tissue with a 
plastic grinder for 5 min.  The samples were then centrifuged at 14,000 rpm for 5 min.  
The supernatant was removed and placed in a clean vial, to which 300 μl of the 
chloroform:methanol solution was added to the pellet.  The pellet was rehomogenized 
and centrifuged again at the same speed and duration.  The supernatant was removed and 
added to same vial containing the original supernatant.  The supernatant was dried for 24 
h at ambient temperature, and then dried for 24 h at 60 °C.  The vials were weighed to 
determine the lipid mass (± 0.001 g; reported as a mean of two weighings). 
 Using a similar dissection, the livers were acquired from female snakes that died 
during, or immediately following, gestation; these samples were frozen (-20 °C).  The 
tissue was prepared in a similar fashion to that described above, with the exception of 
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having 5 ml of the 2:1 chloroform:methanol solution added before the initial 
homogenizing.  The second homogenization was performed with 3 ml of the solution.  
The female livers were dried for 24 h at ambient temperature and then dried for 48 h at 
60°C. 
Statistical Analyses 
 Values of neonate and adult female liver lipid masses were normally distributed.  
An analysis of co-variance (ANCOVA; Proc-GLM in SAS, SAS Institute, Cary, NC) was 
used to detect differences in the lipid mass from neonate livers as a function of atrazine 
treatment, and as a function of birth-female, with female mass at time of capture as a 
covariate.  A similar ANCOVA was used to compare lipid masses of livers from the adult 
females as a function of treatment group, with the female mass at time of capture as a 
covariate.  The significance level of all statistical comparisons was set at α = 0.05. 
 
 
RESULTS 
 
 There was no effect of atrazine treatment on the lipid mass of neonate livers (F3,12 
= 0.52, p = 0.68; Table 1).  There was also not an effect of treatment on the lipid mass of 
female livers (F3,5 = 3.05 , p = 0.13; Table 2).  
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DISCUSSION 
 
Using liver lipid mass as a metric for determining the sub-lethal effect of a 
contaminant on an organism can provide a broader perspective of the true environmental 
impact of the contaminant.  The results of this study do not reveal any effect of atrazine 
on the lipids of livers in either adult female or neonate watersnakes.  Because atrazine 
exposure influenced other aspects of watersnake physiology and fitness (see body of 
thesis, above), it is possible that the effects of this contaminant do not manifest 
themselves in liver tissue during either gestation or embryonic development. 
The females used for the liver analysis were individuals that had died during or 
immediately following gestation (within 1 week).  Necropsies revealed several possible 
causes of death.  The differing causes of death could have impacted the lipid content of 
the liver, especially because infection can impact lipid metabolism (Khovidhunkit et al. 
2004).  A second problem with analyzing the lipid content in captive snakes is the 
propensity for individuals to develop steatosis, a type of fatty necrosis.  Captive snakes 
are especially prone to this condition due to a lack of exercise and a steady diet 
(Schaffner 1998).  
There has been some research on the effects of contamination on the 
histopathology of livers in snakes.  Ganser et al. (2003) analyzed the effect of the 
ingestion of coal-ash contaminated prey on the livers of the Southern Watersnake 
(Nerodia fasciata).  When compared to those from non-contaminated sites, snakes from 
contaminated areas had a higher incidence of collagen fibers that led to liver fibrosis in 
many of the subjects.  Additionally, the individuals from a non-contaminated area had 
larger lipid droplets and smaller clusters of lipoid material.  In place of quantifying liver 
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lipid mass in snakes exposed to atrazine (as was done in this study), the use of 
histological techniques, or greater sample sizes within treatments, could have revealed a 
pattern similar to that observed by Ganser et al. (2003). 
Various physiological studies have revealed that organisms developing while 
exposed to endocrine disruptors have higher lipid content (Verma and Tonk 1983; Grun 
et al. 2006), although the mechanism is uncertain.  The possible explanations for a 
perturbation in the lipid content of the liver include an increase in adipogenesis, or that 
the affected individuals are less able to break down lipids (Köhler 1991; Wada et al. 
2007).  Although increased lipid content might not necessarily have negative impacts for 
neonate snakes (e.g., fat deposition could fuel future growth), the improper control of 
adipogenesis and/or lipid breakdown can be detrimental.  Additionally, a disruption in an 
organism's physiology is likely linked to a suite of other negative impacts, such as an 
inability to metabolize steroid hormones (Tabb and Blumberg 2006).  
Because atrazine is known to manifest a variety of effects of different 
physiological systems, and watersnake exposure to this contaminant via prey ingestion is 
realistic in a natural ecosystem, further research should examine other possible endpoints 
to evaluate the range of impacts that atrazine has on semi-aquatic reptiles.  The 
implications of these findings should be considered not only with regard to regulating the 
appropriate use of atrazine, but also when analyzing the effects of other aquatic 
contaminants. 
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Table 1. Neonate Northern Watersnake (Nerodia sipedon) pooled means (± 1 SE) of liver 
lipid masses (g) after exposure to atrazine in utero. 
 
Treatment level n Mean 
Control 5 0.006 ± 0.002 
2 ppb 4 0.008 ± 0.003 
20 ppb 5 0.005 ± 0.001 
200 ppb 2 0.005 ± 0.0002 
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Table 2. Means (± 1 SE) of liver lipid masses for Northern Watersnakes (Nerodia 
sipedon) after ingesting atrazine during gestation period. 
 
Treatment level n Mean 
Control 3 0.023 ± 0.004 
2 ppb 2 0.023 ± 0.009 
20 ppb 2 0.042 ± 0.042 
200 ppb 4 0.006 ± 0.010 
 
